Open Access

Advances in Environmental and
Engineering Research

Review

Challenges in the PFAS Remediation of Soil and Landfill Leachate: A
Review
Igor Travar 1, *, Jean Noel Uwayezu 2, Jurate Kumpiene 2, Leo W.Y. Yeung 3, *
1. Ragn Sells Treatment & Detox AB, Box 952, 191 29 Sollentuna, Sweden; E-Mail:
igor.travar@ragnsells.com
2. Luleå University of Technology, Geosciences and Environmental Engineering, 971 87 Luleå,
Sweden; E-Mails: jean.noel.uwayezu@ltu.se; Jurate.Kumpiene@ltu.se
3. Ö rebro University, School of Science and Technology, SE-701 82 Ö rebro, Sweden; E-Mail:
Leo.Yeung@oru.se
* Correspondence: Igor Travar and Leo W.Y. Yeung; E-Mails: igor.travar@ragnsells.com;
Leo.Yeung@oru.se
Academic Editor: Zed Rengel
Special Issue: Remediation of PFAS (Per- and Polyfluoroalkyl Substances) Contamination
Adv Environ Eng Res
2021, volume 2, issue 2
doi:10.21926/aeer.2102006

Received: December 15, 2020
Accepted: March 19, 2021
Published: April 19, 2021

Abstract
The use of per-and poly-fluoroalkyl substances (PFAS) has resulted in the contamination of
different environmental matrices. In EU countries, the sites contaminated with PFAS are
usually remediated by excavating the soil and disposing of it in a landfill, as no in-situ or onsite techniques capable of treating large quantities of soil cost-effectively have been
developed. Landfilling of PFAS-contaminated soil is one of the sources of PFAS in landfill
leachate. In this paper, the physical and chemical treatment methods to remove PFAS from
soils and landfill leachates are described. Among the challenges that may limit the
remediation of contaminated sites, we highlight the lack of strict regulation of PFAS in soils,
the cost, the ineffectiveness of some methods for the remediation of certain PFAS compounds,
and the limitation of the environmental matrices.
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1. Introduction
Per-and poly-fluoroalkyl substances (PFAS) have been widely used for more than 50 years as
surfactants, coatings, water repellents for leather and textiles, impregnating agents, as well, in
metal plating and aqueous film-forming foams (AFFFs) [1-3]. Today, more than 4,730 compounds
related to PFAS are registered, and some of them are very mobile in the environment [1, 4]. These
substances have been detected in surface water [5-7], sediments downstream of the production
facilities [8, 9], groundwater [10, 11], soil [12-16], wastewater treatment plant (WWTP) effluents
[17, 18], and sewage sludge [19, 20]. PFAS contamination in aquatic environments has been linked
to major production sources [21, 22]. Additionally, effluents from WWTPs are another major source
from which PFAS are introduced into the aquatic environment [22].
In general, PFAS are fluorinated aliphatic compounds with strong carbon and fluorine (C-F) bonds.
The hydrogen atoms on all the carbon atoms have been replaced with fluorine in the perfluoroalkyl
compounds, whereas hydrogens on some but not all carbon atoms are replaced with fluorine in the
polyfluoroalkyl compounds (which also contain a perfluoroalkyl moiety, CnF2n+1). Perfluoroalkyl
sulfonic acids (PFSAs, CnF2n+1SO3H), with 4-10 fully fluorinated carbon chains, and perfluoroalkyl
carboxylic acids (PFCAs, CnF2n+1COOH), typically with 3-15 fully fluorinated carbon chains, are the
most commonly reported subgroups of PFAS [23]. Long-chain PFAS with ≥8 carbon atoms are
referred to as PFCAs, and those with ≥6 carbon atoms are referred to as PFSAs [24]. These longchain compounds are characterized as non-biodegradable, highly persistent, potentially toxic, and
bio-accumulative (in blood, liver, and kidneys) [25]. For these reasons, together with their
widespread occurrence, PFAS have been highlighted as environmental and health hazards in recent
years. Two compounds, in particular, perfluorooctanoic acid (PFOA, C7F15COOH) and
perfluorooctane sulfonic acid (PFOS, C8F17SO3H), have been identified as the most abundant and
widespread species in soil and aquatic environments [7, 11].
Excavation and landfilling are two conventional methods for the proper management of
contaminated soils, although these are becoming less popular nowadays due to their high cost.
Landfilled soils and other waste materials (e.g., carpets, textiles, paper, and packaging) containing
PFAS may release these compounds in the leachate [1, 26, 27], which can then migrate to the
surrounding aquatic sources, particularly groundwater, due to the lack of barriers at old landfill sites
or due to damage to the bottom liners [28]. Traditional facilities for leachate treatment at the
landfills in Sweden (and worldwide) are inadequate in removing PFAS [1, 3, 29].
This review aims to evaluate the available techniques for PFAS treatment in soils before
landfilling and the potential release of PFAS through landfill leachate, as well as to discuss the
possible challenges of implementing these techniques for the remediation of contaminated sites.
We have reviewed the current legal concentrations of PFAS in landfill soil and suggest revising the
legislation on the landfilling of PFAS-containing materials. The reported concentrations of PFAS in
the soil in contaminated areas were compared to assess the differences among contaminated sites
and discuss the need for soil treatment. The chemical stability of the treated soil in landfills is also
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discussed and some knowledge gaps are identified. The concentrations of PFAS in landfill leachates
in both new and old landfills are compiled to identify the differences among landfills globally and
their environmental impacts.
2. PFAS Regulations
In 2004, the EU introduced Directive 850/2004 on Persistent Organic Pollutants (POPs), which
restricted the marketing and use of PFOS [30]. The Directive applies to the substances and
preparations of POPs with concentrations equal to or higher than 0.005% by mass (Table 1). A
summary of the applicable regulations for PFAS in soil, waste, and groundwater is provided in Table
1. The Stockholm Convention includes PFOS and PFOA in the list of POPs, and these substances are
restricted under the EU POP regulations [31]. PFHxS, which is currently being assessed under REACH
for potential restriction, is also considered a candidate to be listed under the POPs by the Stockholm
Convention [32]. No official guideline values have been published for the PFAS concentrations in soil
that could pose a potential risk to human health or the environment, either at the EU level or the
national level by the member states. The Swedish Geotechnical Institute (SGI) and the Swedish EPA
have established preliminary guideline values for highly fluorinated substances in soil and
groundwater, which recommend the maximum values of 0.003 mg/kg of PFOS in the soil for
sensitive land use (e.g., residential land), 0.02 mg/kg of PFOS for less-sensitive land use (e.g.,
industrial land), and 0.045 µg/L of PFOS [33] in groundwater. In the US [34], different states have
established different soil screening levels for groundwater protection which range from 0.00022 to
0.05 mg/kg of PFOS and 0.0015 to 19 mg/kg of PFOA, while the human health soil screening levels
range from 0.5 to 6 mg/kg of PFOS and 0.33 to 16 mg/kg of PFOA (Table 1). In Canada, Health Canada
has issued a direct contact residential soil screening value of 0.70 mg/kg for PFOA [35], and the
Canadian Council of Ministers of the Environment has drafted guidelines for the protection of
groundwater used for watering livestock and irrigation with the recommended PFOS limits of 12
mg/kg (coarse soil) and 9 mg/kg (fine soil) [36]. Additionally, the Canadian Federal Soil Quality
Guidelines (FSQGs) have prescribed the maximum concentrations of 0.01 mg/kg of PFOS in
agricultural, residential, or parkland soil, 0.14 mg/kg of PFOS in coarse soil, and 0.21 mg/kg of PFOS
in fine soil at the industrial sites [37]. In Australia, several guidelines for human health soil screening
criteria have been issued: 1) residential areas with garden/accessible soil: 0.009 mg/kg of PFOS and
0.1 mg/kg of PFOA; 2) residential areas with minimal opportunities for soil access: 2 mg/kg of PFOS
and 20 mg/kg of PFOA; 3) public open spaces: 1 mg/kg of PFOS and 10 mg/kg of PFOA; and 4)
industrial/commercial areas: 20 mg/kg of PFOS and 50 mg/kg of PFOA, which represent the values
applied to PFOS as well as to the summed concentrations of PFHxS and PFOS [38]. Although several
reference values are available for soil, further assessment, such as a leachability test, should be
performed to evaluate the potential risk of PFAS leaching from the soil to the surrounding
environment. Waste classification in the EU is regulated by the Waste Framework Directive
2008/98/EC (which categorizes waste into inert, non-hazardous, and hazardous groups) [39] and
the list of waste substances in Decision 2000/532/EC [40]. The EU Regulation 850/2004 (Appendix
7) for the waste management of POPs stipulates that the waste containing more than 50 mg/kg of
PFOS should be destroyed or converted irreversibly, although it does not specify where this waste
should be disposed of [41]. This may cause extremely high concentrations of PFOS in the landfills,
which are the sources of PFAS contamination in landfill leachate. Moreover, inappropriate landfilling
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(e.g., highly contaminated waste disposed at landfills for inert or non-hazardous waste) may pose a
high risk of PFAS leakage into the environment. Legal concentrations of PFAS in waste need to be
revised, and maximum limits of PFAS concentrations in treated leachate should be established to
minimize the risk of contamination of the recipients.
Table 1 Summary of the available regulations for PFAS in soil, waste, and groundwater.
Country

EU

Regulation

Subject
prohibiting,
phasing
out
or
restricting
the
production, placing
Directive 850/2004
on the market and
on Persistent Organic
use of
Pollutants (POPs)
substances subject
to the Stockholm
Convention on POPs

Reference

Waste containing more
than 50 mgPFOS/kg TS [30, 41]
should be destructed

PFOS<3 µg/kg in soil for
sensitive land use
Suggested values of PFOS<20 µg/kg in soil for
under
PFOS in soil and less sensitive land use
[33]
ground water
PFOS<0.045
µg/L
in
groundwater

Sweden

Regulation
construction

USA

Regulations,
Guidance,
and
Advisories for Perand Polyfluoroalkyl
Substances

Canada

Limit values

Updates to Health
Canada
Soil
Screening Values for
PFAS & Canadian
Environmental
Protection Act

PFOS in soil from 0.22 to
levels of PFOS and
50 µg/kg
PFOA in soil for
PFOA in soil from 1.5 to [34]
ground
water
19000 µg/kg
protection
Levels of PFOS and
PFOA in soil for
human
health
protection

PFOS in soil from 0.5 to 6
mg/kg
PFOA in soil from 0.33 to [34]
16 mg/kg PFOA

Concentrations
of
PFOA in residential
and parkland soil,
agricultural soil and
soil at industrial sites

Residential, parkland
agricultural
PFOA<0.70 mg/kg
PFOS<0.01 mg/kg
Industrial sites
PFOS<0.14 mg/kg
coarse soil and
PFOS<0.21 mg/kg in
soil

and
soil
and
[35, 37]
in
fine
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Concentrations
of
PFOS in water used
PFOS<12 mg/kg (coarse
for
livestock
soil)
watering
and
[36]
PFOS<9 mg/kg (fine soil)
irrigation to protect
groundwater
Residential soil: PFOS = 9
µg/kg & PFOA = 100
µg/kg;
Residential with minimal
Commonwealth
opportunities for soil
Guidelines
for
Environmental
access: PFOS = 2 mg/kg &
human health soil
Australia Management
PFOA = 20 mg/kg
[38]
screening criteria
Guidance on PFOS
Public open space: PFOS =
and PFOA
1 mg/kg & PFOA = 10
mg/kg
Industrial/Commercial:
PFOS = 20 mg/kg & PFOA
= 50 mg/kg
3. PFAS in Contaminated Soil
Fire-fighting training areas and manufacturing plants are the largest sources of PFAS in soil. PFOS
are the most intensively studied PFAS contaminants in the soil at fire-fighting training facilities [9,
16, 17]. However, the contribution of PFOS to total PFAS at the sites may be over-estimated as there
would be several other PFAS that were not previously included in the analysis. These overlooked
PFAS might be the novel ones, such as chlorinated, dechlorinated, and ketone PFSA, perfluoroalkane
sulphonamides (FASAs), 6:2 fluorotelomer sulphonamidoalkyl betaine, 6:2 and 8:2 fluorotelomer
sulfonates, or short-chain perfluorocarboxylic acids [6, 42]. In a study published in 2014 on the
chemical analysis of selected fire-fighting foams from the Swedish market, PFHxA and 6:2 FTSA were
found in considerably high concentrations in the foams, with some 6:2 fluorotelomer-based
products also identified in most of the foam samples [43]. The reported ranges of PFOS
concentrations in soil were 6.4-2400 µg/kg at Oslo airport, Norway [16], 21-120 µg/kg at Kristianstad,
Bergen, and Hastad airports in Norway [16], 2.2-8520 µg/kg at Tullinge, Sweden [9], and 21-2400
µg/kg at Ellsworth Air Force Base, USA [17]. Additionally, an extremely high concentration (36000
µg/kg) of PFOS was reportedly found near a burning pit at a former firefighter training area at the
Ellsworth Air Force Base [44]. The PFAS concentrations and the number of contaminated sites across
the world suggest that soil is a major environmental reservoir of PFAS [15].
Hale et al. [16] and Filipovic et al. [9] found the highest concentrations of PFOS at 1-2 m below
the soil, suggesting that PFOS can gradually migrate down the layers of soil with the rainwater. This
migration of PFAS through the soil is complex and depends on several factors, such as the properties
of PFAS, the soil properties, and the climatic conditions. Depth-profile data and mathematical
modeling have demonstrated that the PFAS in the soil can be retained in the vadose zone for
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decades, mostly due to the adsorption of PFAS at the air-water interface as well as on soil grain
surfaces [14, 15].
The transport of PFAS through the soil may result in the contamination of groundwater, surface
water, and drinking water wells, along with the contamination of biota. Filipovic et al. [9] reported
large differences in the concentrations of PFOS between the surface water (1.1-79 ng/L) and
groundwater (1-51000 ng/L) close to an old air-force base at Tullinge near Stockholm [8]. The
contamination of groundwater may occur over decades or centuries since contaminated soil acts as
a reservoir of PFAS and the transport of PFAS through soil is quite slow [14, 15]. Thus, it is necessary
to remediate the contaminated areas to prevent contamination of watercourses. One of the most
common techniques for the remediation of the hotspots contaminated with PFAS is “digging and
dumping”. Although this strategy entails costly landfilling, sometimes without proper handling and
disposal facilities, its application has been continued due to the deficiencies in and the uncertainties
of in-situ (on-site) techniques for treating PFAS-containing soils. Disposal of contaminated soil in a
landfill from a site without treatment is merely a transfer of the problem of one site to another.
Thus, PFAS-contaminated soils need to be treated before disposal to minimize further
environmental problems associated with the contamination of non-contaminated areas and
drinking water sources.
4. Influence of the Landfill Environment on the Release of PFAS from Contaminated Soil
The solubility of PFAS in the contaminated soil in a landfill should be kept low to avoid
contamination from leachates. However, many factors in a landfill may influence the release of PFAS
from the soil. Infiltration of the precipitation into the system, the type of waste, the degradation of
disposed waste, and the operating conditions (e.g., compaction of wastes, gas collection system,
leachate recirculation) [45] are the factors that can affect the pH, redox conditions, temperatures,
and stability of PFAS in landfills [26, 46-49]. The infiltration of precipitation, moisture content,
leachate production, and release of PFAS from the soil in landfills are positively correlated [26, 27].
Thus, the installation of a landfill cover reduces the production of leachate and the release of PFAS.
Moreover, the reduction of infiltration reduces the microbial activity (and gas production) in the
landfills, which may, in turn, reduce the release of PFAS [50, 51].
Encapsulation of PFAS-contaminated soil (e.g., with a geomembrane or clay minerals) after
disposal in a landfill (during active landfilling) may prevent or reduce the contact between PFAS and
the leachate, and the subsequent release from the soil. However, this technique may not have longterm (several decades to centuries) efficacy due to the potential for damage to the geomembrane
and percolation of the leachate through the layer of clay [52].
Degradation of organic waste occurs in several landfilling phases, including the aerobic,
acidogenic, and methanogenic phases, in which the leachate has characteristic pH values and
composition (both organic and inorganic) [53]. Alkaline soils may promote the leaching of PFAS from
the soil since the sorption of PFAS to the soil has been shown to decrease with an increase in the
pH of the leachate. This is due to a reduction in the protonation of the adsorbent surfaces and the
associated reduction in the frequencies of positively-charged sites on the sorbent [54-56]. Thus,
landfilling of PFAS-contaminated soil together with alkaline materials should be avoided.
The anaerobic microbial biotransformation of precursors (e.g., polyfluoroalkyl phosphate esters)
may generate fluorotelomer alcohols, followed by perfluorinated/polyfluorinated acids but is
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probably not a major source of the PFCAs detected in anaerobic environmental matrices under
methanogenic conditions [57]. This observation suggests that PFAS-contaminated soil in landfill cells,
together with other biodegradable organic wastes, may reduce the degradation of PFAS precursors.
However, a shift in conditions from reduction to oxidation can be expected as landfills age.
Oxidation of precursors in a landfill may generate more contaminated leachate. For example, Houtz
et al. [17] estimated that the oxidation of precursors accounted for 23% and 28% of total PFAS on
average in groundwater and soil samples, respectively. Therefore, it is important to maintain a low
redox potential in a landfill to reduce the mobility of PFAS.
Landfill leachate has a complex chemical composition, and the effects of its composition on the
leaching of PFAS from the waste into the landfills are not well documented. For example, anions in
leachates (e.g., Cl–, SO42, Cr2O72–) and dissolved organic content (DOC) may increase the mobility of
negatively-charged PFAS as they compete for the same (positively charged) adsorption sites [47, 58].
This suggests that variation in leachate quality likely contributes to the variability and patterns of
PFAS concentrations in leachates [28]. Operating temperatures in a landfill may also affect the
mobility of PFAS. For example, Kim et al. reported enhanced release of PFAS (especially PFHxA and
PFHpA) with an increase in the contact time and temperature [59], whereas Jia et al. found that
sorption of PFOS on humic acids (the main components of organic matter in sediments) doubled
when the temperature increased from 5 °C to 35 °C [49]. Thus, due to inconsistencies in the findings,
more research is needed to clarify the effects of temperature on the release of PFAS from
contaminated soils.
Some PFAS that leach from the soil are likely to be re-adsorbed as the leachate percolates
through a landfill, for example, on carbonaceous surfaces or humic acids in the waste [49]. Such readsorption has not been addressed in any study, although analogous sorption of PFAS on the
sediments near WWTPs (particularly long-chain PFAS) has been reported [21, 60]. Thus, waste in a
landfill could potentially serve as a filter for the PFAS leached from contaminated soils, although
further research is required to test this hypothesis.
5. PFAS in Landfill Leachate
Around 140-188 million tons of total annual municipal solid waste is disposed of in landfills in the
USA and Europe [61, 62]. In Europe and Australia, waste containing 50 mg/kg of PFOS can be
disposed of in landfills without any pre-treatment [41, 63]. In the USA, the calculated annual PFAS
disposal rate is 1,250 kg/year for municipal solid waste and 470-590 kg/year for biosolids [64]. The
waste containing PFAS spreads in landfill leachates. A total of 17 studies have reported the
concentrations of PFAS in landfill leachates, including seven conducted in North America [27, 29,45,
51, 65-67], seven in Europe [1, 64, 68-72], two in China [3, 73], and one in Australia [74]. The
concentrations of PFAS in the leachates from active landfills vary by several orders of magnitude.
For example, total reported PFAS (∑PFAS) concentrations in the leachates from Canadian and
Chinese landfills ranged from 27 to 21,300 ng/L and 7,280 to 290,000 ng/L, respectively [3, 29, 67,
75]. This variation is less pronounced in closed landfills than active landfills, as was reported in a
study on Australian landfills (2016). Lang et al. [27] found that the concentrations of only six (PFNA,
8:2 FTCA, 5:3 FTCA, PFBS, MeFBSAA, and MeFOSAA) of the 70 PFAS analyzed were significantly
higher in the younger US landfills than in the older ones. This could be due to reductions in the
concentrations of these species with time or changes in the types of PFAS used in products in recent
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years (e.g., a shift to the use of PFBS-based and fluorotelomer-based products instead of PFOS and
PFOA). The similarity in the concentrations of almost all the analyzed PFAS in the leachates from old
and young landfills indicates that PFAS may be released for many years after the disposal of the soil.
Concentrations of PFAS in landfill leachates and volumes of accumulated leachates must be
known when evaluating the hazards posed by landfills, particularly the risk of PFAS contamination
to the aquatic environment. For example, Busch et al. [1] estimated that discharges of ∑PFAS from
22 landfills in Germany ranged between 0.08 and 956 mg/day (mean: 135 mg/day), and the total
discharges from all landfill sites in Germany (ca. 1,700) amounted to approximately 240 g of total
PFAS/day, on average. Fuertes et al. [71] estimated a 1,209 g/year mass flow of ∑PFAS from four
studied landfill sites serving a population of about 1.8 million people in northern Spain. In the USA,
landfills released 563-638 kg of ∑PFAS to WWTPs via leachates in 2013 [27]. The actual amount of
PFAS in landfill leachate in the USA could be higher as the cited authors’ analyses did not include
total oxidizable precursor or total fluorine assays. Furthermore, Yan et al. [3] estimated that
approximately 3,110 kg of PFAS is released in landfill leachates in China annually. Thus, landfill
leachates can be a significant source of PFAS contamination in the environment. PFAS should, thus,
be removed from leachates before discharging to recipients, such as WWTPs, rivers, or lakes [65].
6. Treatment of PFAS-Contaminated Soil before Landfilling
6.1 Removal of PFAS from Contaminated Soil through Washing
Soil washing involves the separation of PFAS-contaminated particles from the bulk of the soil,
followed by the extraction or desorption of PFAS from those particles (Figure 1). Mechanical
separation is suitable for coarse-grained soils (e.g., soils dominated by stones and gravel), but it is
not economically viable for fine-grained soils (dominated by fine sand, silt, and clay) [16]. Chemical
extraction of PFAS should be performed on fine-grained soil particles under saturated conditions to
enhance the treatment and minimize the adsorption of PFAS in unsaturated soils (see Section 3).
Extraction agents, such as methanol/sodium hydroxide (MeOH/NaOH), methanol/ammonium
hydroxide (MeOH/NH4OH) and acetonitrile (CH3CN), and water, have been used to extract PFAS
from contaminated soils in the laboratory under saturated conditions [16, 42, 54]. Hale et al. [16]
found that in the determination of the total concentration of PFOS in the soil, water extracted more
PFOS compared to either methanol or acetonitrile, indicating that water could serve as an excellent
extraction agent. However, extraction efficiency depends not only on the type of extraction agent
but also on the soil properties (e.g., organic matter and clay content) [16, 60]. Removing PFAS by
washing may be feasible for soils with low DOC (0.7-6 mg/L) and soils with low clay content (e.g.,
soils predominantly composed of sand) at an alkaline pH [16, 60]. In addition to the treated soil, this
technique generates large amounts of contaminated process water that needs further treatment.
Soil washing has been used to remove PFAS commercially in-situ (“flushing”) but not for the
treatment of soil before landfilling due to the high costs involved [54].
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Concentrated
PFASs in soil

PFAS-contaminated
soil

Mechanical
separation

Clean soil
particles

Process water/Extracting agent
Extraction of
PFASs with
extraction
agent

Process water
contaminated with
PFASs

Treated/clean soil

Treatment of
process water
PFAS
contaminants

Figure 1 A combined treatment of PFAS-contaminated soil consisting of mechanical
separation of the contaminated particles from the soil mass and the extraction of PFAS
using an appropriate agent.
6.2 Stabilization and Solidification of PFAS in Contaminated Soil
Stabilization of PFAS in contaminated soil refers to the immobilization of PFAS by the addition of
a substance that reduces mobility through leaching. Solidification of PFAS-contaminated soil
involves the mixing of a cementitious binder and additives into the contaminated matrix to reduce
hydraulic conductivity and PFAS exposure to leaching. Detailed knowledge of PFAS sorption
behavior is essential for developing effective stabilization techniques to manage contaminated soils.
The most important types of interactions involved in the sorption of PFAS to potential sorbents are
electrostatic interactions, hydrophobic interactions, and ion exchange [56, 76, 77]. Electrostatic
interactions between PFAS in solution and sorbents rely significantly on the pH [46-48, 78]. Anionic
PFAS are adsorbed on the positively-charged surfaces of the sorbents [47-49, 79]. When the pH of
a PFAS-contaminated solution becomes more acidic than the adsorbent’s pHpzc (pH at the point of
zero charge), the number of positively-charged sites on the sorbent increases (by surface
protonation), and the adsorption of these PFAS is enhanced [76]. Hydrophobic interaction between
PFAS and sorbents is the strongest when the sorbents are uncharged [60, 76]. Ion exchange is the
dominant mechanism for the immobilization of anionic PFAS, especially for short-chain PFAS, when
the anion-exchange resin is used [73]. The described sorption mechanisms of PFAS on sorbents are
quite complex as the immobilization of PFAS in stabilized soil depends not only on the properties of
the added sorbent but also on the soil characteristics (e.g., organic matter content) and leaching
conditions (e.g., pH, redox potential, and temperature). Both inorganic and organic substances have
been tested as possible PFAS adsorbents under experimental conditions, mostly in soil-free
conditions. The inorganic substances include sand, high iron sand, kaolinite, Fe 2O3 (hematite),
alumina, zeolite, hydrotalcite, montmorillonite, FeO(OH) (goethite), and modified commercial clay
[48, 73, 80, 81]. The organic substances include oil, black carbon, activated carbon (AC), biochar (BC),
and ion-exchange resin [16, 82-85]. However, only four of the reviewed studies [16, 80, 84, 86]
included tests evaluating the PFAS sorption efficiency in the presence of soil and only one published
study described the solidification of PFAS-contaminated soil [86]. The stabilization efficiency of the
substances should be verified in the presence of soil containing multiple contaminants collected
from a field site.
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Sweden (n=29)
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30%

China (n=5)

PFPeA

40%

Aust. (n=32) close
land.
Aust. (n=28) oper.
land.

PFBA

50%

US (n=12)

PFOS

60%

Canada (n=68)

70%

Figure 2 Graphs showing (A) Graphs showing minimum and maximum concentrations
(ng/L) of ∑PFAS in raw leachate; (B) Graphs showing average concentrations (ng/L) of
∑PFAS in raw leachate. (The bar in black does not fit onin the y-axis.); and (C) Graphs
showing the composition of PFAS (%) in the raw leachate. Ref. From earlier studies:
Canada [29, 67, 75], the USA [45, 51], Australia [74], China [3], Sweden [64, 72], Norway
and Finland [68], Finland [70], Germany [1], Spain [71], and Singapore [87].
6.2.1 Treatment of PFAS-Contaminated Soil Using Activated Carbon (AC) and Biochar (BC)
Biochar is a type of charcoal produced mainly from biomass (e.g., mixed wood, coconut husks,
or bamboo) through pyrolysis (thermal decomposition of organic matter in the absence of oxygen).
Granulated AC (GAC) and powdered AC (PAC) are produced similarly (using biomass, coal, and peat),
in combination with physical activation (using hot gases) or chemical activation (with acid or base,
such as H3PO4, KOH, and NaOH), to increase the pore volume and surface area. Both AC and BC
treatment technologies have been used in the remediation of soil, groundwater, and drinking water
contaminated with PFAS [16, 83, 84, 88]. AC is more suitable for remediation as its pore structure
provides considerably large specific surface areas, pore volumes, and sorption capacities for organic
pollutants (Table 2).
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Table 2 Chemical composition, surface area (SA), pore volume (PV), soil-water
distribution coefficient Kd (in L/kg), and organic carbon normalized sediment-water
distribution coefficient logKOC (estimated as Kd/foc) of soil, and the soil treated with
powdered activated carbon (PAC), mixed wood biochar (MW BC), paper mill waste
biochar (PMW BC) [8, 16, 76, 84, 89].
Soil/sediment

PAC
9.6 [84]

MW BC
9.6 [84]

pH
Chemical composition, %
C
81 [84]
53 [84]
H
0.03 [84]
0.8 [84]
N
0.2 [84]
0.3 [84]
O
8.4 [84]
2.5 [84]
Physical properties
SA, m2/g
346-812[16, 76, 84] 404-520 [84]
PV, cm3/g
0.27-0.6 [84]
0.14-0.19 [84]
Soil-water distribution coefficient logKd (L/kg)
PFBA (C4)
1.1-<2.3 [84]
3.01 [84]
1.1-<2.2 [84]
PFHxS (C6)
1.2-1.8 [84]
3.5 [84]
1.4-1.8 [84]
PFOS (C8)
1.3-3.8[8, 16, 76, 89]
3.8-4.6[16, 76, 84]
1.8-3.1 [84]
PFOA (C8)
0.3-4 [76, 89]
3.3-4 [76, 89]
2.2-4 [84]
PFNA (C9)
2.3-<2.6 [84]
>3 [84]
2.2-<2.8 [84]
Organic carbon normalized sediment-water distribution coefficient logKOC (L/kg)
PFBA (C4)
1.8-<4.8 [84]
4 [84]
2.4-4.8 [84]
PFHxS (C6)
1.8-4 [84]
3.9-5.8 [84]
1.8-4[84]
PFOS (C8)
2.9-4.3 [76, 89]
4.3-7.2 [76, 89]
2.9-4.5[80]
PFOA (C8)
1.9-2.6 [8, 76, 89]
4.4-5.5 [76, 89]
2-4.7 [84]
PFNA (C9)
<2.8-<5.3[84]
>4 [84]
<2.9-<5 [84]

PMW BC
9.5 [84]
19 [84]
0.5 [84]
0.1 [84]
9.4 [84]
13.2-48 [84]
0.01-0.09 [84]
1-<2.2 [84]
1.3-1.8 [84]
1.8-3 [84]
3-4 [84]
2.1-<2.8 [84]
2.3-4.8 [84]
1.8-4 [84]
3.1-4.4 [84]
2.1-4.6 [84]
<3.1-<5.5 [84]

Hale et al. [16] observed that the addition of 3% PAC (in a specific area of 726 m2/g) to
contaminated soil in batch leaching tests reduced the leaching of PFOS by 94%-99.9%, from 6.4-54.5
µg/kg to 0.003-0.43 µg/kg. Modeling of these results using a one-dimensional box model indicated
that this would reduce the concentrations of PFOS in pore water from 19.5 µg/L to 0.4 µg/L, just
above the clean-up target of 0.3 µg/L. The same model indicated that PFOS would be released slowly
from the untreated soils, taking more than 100 years to decrease the pore water concentrations of
PFOS below the arbitrary target. This suggests that PAC might serve as an effective sorbent to
diminish releases from contaminated soil to the surrounding environment, although more
information is needed to confirm its efficacy. For example, further investigation is needed to
determine the suitability of the method for field application, PAC’s durability in soil, and the
subsequent release of immobilized PFAS (i.e., the long-term treatment efficiency), as well as, the
material costs and the wider environmental impacts of the process.
Biochar could immobilize PFAS in solution in sorption experiments (as shown by the Freundlich
sorption coefficients presented in Table 2) but could not immobilize PFAS in soils in batch leaching
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tests [84]. This is probably due to the blockage of biochar pores with dissolved compounds and
particles (e.g., humic substances and oil) in the soil [84]. Moreover, other soil components (e.g.,
DOC and ions) can compete with PFAS for the sorption sites [47, 90, 91]. The effectiveness of BC in
immobilizing PFAS may be higher in the soils with lower organic content (e.g., total organic carbon
(TOC)<3% in dry mass), indicating that for successful amendment, the amount of carbonaceous
material added to the contaminated soil should exceed the initial carbon content of the soil [84, 92].
Thus, BC can be used for the sorption of PFAS in soils with low organic content.
The effectiveness of soil treatment with carbonaceous amendments (CAs), such as PAC and BC,
depends not only on the CA but also on the chain-length of the PFAS. For example, the logarithm of
the distribution coefficient (logKd) of PFBA in the soil stabilized with PAC is about 3.01 L/kg, whereas,
the logKd of PFOS in the same system varies between 3.8 and 4.8 L/kg [13, 28] (Table 3). These
results show that PFAS with longer chains (e.g., PFOS and FOSA) bind more strongly to CA than those
with shorter chains, indicating the importance of hydrophobic interactions in the sorption of PFAS
(Higgins and Luthy, 2006). Moreover, PFAS with a sulfonate moiety have stronger adsorption than
those with a carboxylate moiety (e.g., in the soil stabilized with PAC, the logK d of PFOS reportedly
varies between 3.8 and 4.6 L/kg, while the logKd of PFNA is about 3; see Table 2). This is probably
due to the slightly higher hydrophobicity of the slightly larger sulfonate moiety and/or differences
in the specific electrostatic interactions of these moieties [60, 84]. Moreover, short-chain PFAS and
fluorotelomers (which have a partially fluorinated carbon chain) can be more easily desorbed from
the sediments with a low fraction of organic carbon (e.g., f oc of 0.03%) in the aqueous phase than
the species with longer chains or fully-fluorinated carbon chains (e.g., PFOS and FOSA) [84]. For
example, Ahrens et al. [8] and Kupryianchyk et al. [84] calculated the carbon-normalized distribution
coefficients and log (Kd/foc) values of 2.9-4.3 L/kg for PFOS and 2.1-2.6 L/kg for PFOA. Thus, it is
important to add enough CA to PFAS-soil to ensure the stability of immobilized substances. Normally,
PFAS-contaminated soils are remediated with 2%-4% CA (about 30-60 t/ha, assuming mixing to a
depth of ca. 10 cm and soil density of ca. 1.5 kg/m3) in-situ [11]. Whether this amount of CA is
sufficient to stabilize soils in landfills remains unknown as no relevant information was found in the
reviewed papers.
Table 3 Comparison of ∑PFAS in untreated and treated leachate with respective
treatments [1, 87]. WAO-wet air oxidation, AC-activated carbon, CW-constructed
wetlands.
Treatment
method
WAO
AC
AC
AC
CW

∑PFAS
∑PFAS
in
treated
untreated leachate, ng/L
ng/L
1889
1993
31
9
12819
4079
8370
20
814-4324
367-954

in
leachate, Landfill status
inactive
inactive
inactive
active
active

Reference
[1]
[1]
[1]
[1]
[87]
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6.2.2 Treatment of PFAS-Contaminated Soil with Compost
Hale et al. [16] found that treating contaminated soil with 3% compost (composed of peat and
cow manure with a high content of nitrogen, phosphate, and potassium) reduced PFOS leaching by
29%-34%, from 3.8 ± 2.4 to 2.54 ± 1.5 µg/L; the calculated distribution coefficient (Kd) of PFOS
between compost and soil was 8.8 L/kg. Sorption of PFAS on compost occurs probably through
direct polar interactions, hydrophobic interactions, ion-exchange, and addition to more specific
sites of moieties with an affinity for PFAS present in the organic matter [16, 79]. More information
is, nonetheless, needed on the sorption of PFAS using compost, the influence of co-contaminants,
the stability of immobilized PFAS, and the efficacy of the treatment.
6.2.3 Treatment of PFAS-Contaminated Soil with Clay Minerals (Montmorillonite and Kaolinite)
Soil rich in clay minerals, such as montmorillonite and kaolinite, can be used to stabilize PFAScontaminated soil. For example, Hale et al. [16] found that treating contaminated soil with 3%
montmorillonite decreased the release of PFOS by 28%-40%, from 3.8 ± 2.4 µg/L to 2.7 ± 1.8 µg/L.
The reported Kd values for the sorption of PFOS to montmorillonite were in the range of 5–10 L/kg
[16, 93]. Hydrophobic and electrostatic interactions are the main mechanisms involved in the
adsorption of PFOS to montmorillonite and kaolinite. More specifically, PFOS may be immobilized
via the formation of outer-sphere surface complexes and specific interactions of the sulfonate group
of PFOS with the hydroxyl groups on the surfaces of clay minerals [94]. However, dissolved humic
substances in soil were shown to hinder the adsorption of PFOS on clay minerals via electrostatic
repulsion and occupation of adsorption sites [93]. Thus, treatment with clay minerals can be
effective for PFAS-contaminated soils with low organic matter, such as soils predominantly
composed of stones and sand. Moreover, the addition of clay particles to such soil probably reduces
its hydraulic conductivity, and hence, the contact between the contaminated soil and infiltrating
water. Further research is needed on the sorption of PFAS in the presence of soil, the influence of
co-contaminants, and the stability of immobilized PFAS.
6.2.4 Solidification of PFAS-Contaminated Soil
Sörengård et al. [86] tested the solidification of PFAS-contaminated soil with a combination of
Portland cement (PC), fly ash (FA), and ground granulated blast furnace slag (GGBS) with a
PC:FA:GGBS ratio of 1:1:2. This solidification was done together with chemical stabilization using
several additives, such as PAC, Rembind® (AC-based and containing amorphous aluminum
hydroxide and kaolin clay), pulverized zeolite, chitosan, hydrocalcite, and bentonite at a
concentration of 0.2% (w/w) of dry PFAS-contaminated soil. The results showed that most PFAS
(except the PFCAs with a perfluorocarbon chain length of less than five carbon atoms, e.g., PFBA
and PFPeA) were successfully stabilized with CA in the solidified soil (e.g., logK d increased from 1.5
L/kg for PFOS in the soil to about 3.5 L/kg treated with PAC) by hydrophobic sorption. Sörengård et
al. recently demonstrated the long-term stabilization of PFAS in AFFF-contaminated soil, with a
removal rate of up to 97% for the most important PFAS (PFOA and PFOS) [95].
The short-chains of perfluorocarbon could not be immobilized in significant amounts in
stabilized/solidified soil (S/S-soil) under basic pH as they have a lower hydrophobic bond strength
and faster diffusion in the water phase compared to the long-chains [86]. Hence, the S/S-soil, with
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large numbers of short perfluoroalkyl chains, needs pH adjustment to reduce leaching. Apart from
the positive effects on the immobilization of PFAS, the addition of CA to soil exerts negative effects
on solidification. For example, Sörengård et al. [86, 95] reported that unconfined compressive
strength (as a measure of solidification) decreased by 38% and 14% in a carbon-poor sandy silt soil
treated with 0.2% Rembind® and PAC, respectively. This means that the solidification of soils rich in
organic carbon and clay through treatment with CA may entail high costs as these soils need
significantly more binder in combination with PC and the addition of sodium silicate and/or lime
compared to sandy soils [86]. Further laboratory studies should be performed before S/S-treatment
is implemented in the field to optimize the S/S-binder methods for the specific contaminated soil,
due to the complexity of the binding of soil to aggregates.
The stability of PFAS in S/S-soil over time is not quite clear. The carbonation of FA and PC may
result in a decrease in the pH and improvement in the electrostatic interactions between PFAS and
the treated soil. Contrary to the positive effects of carbonation, the aging of CA in S/S-soil may result
in low sorption capacity for PFAS or even in the desorption of PFAS [58]. Thus, more research is
needed to explore the stability of PFAS in S/S-soil over time.
6.3 Destruction of PFAS in Soil Using Thermal Treatment
Treatment of contaminated soil by exposure to high temperatures (850-1200 °C) may be an
effective technique to mineralize PFAS [96]. For example, incineration in a fluidized bed incinerator
at temperatures of up to 900 °C can reduce the PFOS levels to below the detection limits in the
exhaust air (15 ng/m3), while also reducing solid residues (10 µg/kg dry matter) and water discharges
(25 ng/L) [96]. However, incineration of PFAS-contaminated soil together with other wastes may
lead to the formation of highly volatile and mobile 1H-perfluoroheptane, dioxins, furans,
tetrafluoromethane, and hexafluoroethane (C2F6) [97-99]. Thus, the addition of appropriate
substances, such as Ca(OH)2, may be required to reduce the emission of these harmful by-products
[100]. More research is needed to better understand the effects of incineration on PFAS and the byproducts formed. Thermal treatment is not suitable for large masses of soil contaminated with PFAS
to be subsequently landfilled due to the high costs involved [9].
7. Treatment of Landfill Leachate Contaminated with PFAS
In modern landfills, leachate is collected and treated on-site at local treatment plants and then
discharged into a recipient water body or pumped to WWTPs [65]. Particularly in Sweden, the
landfill leachate must be treated before it is delivered to WWTPs to meet the quality requirements
set by the WWTP operators. Most of the traditional treatment systems for landfill leachates are not
designed to remove PFAS, and thus, the extent to which they reduce the PFAS levels is not wellknown due to a lack of published data. The processes for removing PFAS from landfill leachate
discussed in the literature include separation of PFAS from leachate by sorption, biological
treatment, membrane-based treatments (such as nanofiltration and reverse osmosis), and
compacted wetlands (Table 3). Destruction techniques used for removing PFAS from groundwater,
such as electrochemical treatment, thermal treatment, wet air oxidation, and advanced oxidation
processes (such as photolysis, photocatalysis, and activated persulfate oxidation), have also been
discussed.
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7.1 Separation of PFAS from Landfill Leachate
7.1.1 Sorption
The sorption of PFAS to GAC (e.g., Filtrasorb 300 and 600, or AquaCarb 1240) and anion exchange
(AE) materials (such as Purolite® A600) has been tested for the treatment of landfill leachate,
groundwater, and drinking water [1, 58, 101]. These sorbents are more effective for eliminating
long-chain PFAS than short-chain PFAS (e.g., PFOS>PFBS, in terms of removal efficiency), but they
have a low sorption capacity [47, 76, 85]. As shown in Table 3, Busch et al. [1] and Yu et al. [76]
found that AC can adsorb 68.2% to 99.8% of PFAS. However, in these studies, ∑PFAS in the treated
leachates remained high (e.g., 4,079 ng/L) due to the high concentrations in raw leachate (e.g.,
12,819 ng/L) and the short residence times of the leachate through the AC filters, or high mass flows.
Additionally, DOC in leachates may compete with PFAS for the adsorption sites. Short-chain PFAS,
such as PFBA (C4), PFPeA (C5), and PFHxA (C6), maybe inefficiently adsorbed because they are less
hydrophobic compared to long-chain PFAS, such as PFNA (C9), PFDA (C10), and PFOS (C8), and may,
therefore, be displaced by long-chain PFAS and DOC [58]. Thus, the selective nature of PFAS removal
and the associated desorption of short-chain PFCAs during the co-removal of multiple PFAS must be
considered during the designing and operation of the adsorption treatment processes.
7.1.2 Membrane Technology
Reverse osmosis (RO) and nanofiltration (NF) involve the use of semi-permeable membranes
(with 1-10 nm and <1 nm pores, respectively) to remove contaminants from leachates. These are
physical separation technologies that transfer PFAS from the leachate to a secondary phase
(rejected water or concentrate), which then needs further treatment. Appleman et al. [101]
reported that NF removed PFOS, PFOA, PFDA, PFPeA, and PFBA to below-detection limits (with >97%
removal efficiency) from artificial groundwater spiked with 1 µg/L of each PFAS; PFBS and PFHxS
were present in extremely low concentrations (e.g., 10 and 20 ng/L, respectively) in the permeate.
Soriano et al. found that the NF90 membranes with a smaller pore size (0.34 ± 0.02 nm) rejected
over 99% of PFHxA at 100 mg/L from the industrial effluents [102]. Their results showed that size
exclusion and electrostatic interaction occurred simultaneously and affected the selectivity of
PFHxA separation. Reverse osmosis in WWTP was able to remove PFHxA, PFHpA, PFOA, PFNA, PFDA,
PFBS, PFHxS, and PFOS below the detection levels from their initial concentrations, which varied
between 3 µg/L for PFNA and 39 µg/L for PFOS [103]. After membrane-treatment, PFAS were
concentrated in the rejected water, which was about 15% of the treated water volume for RO [103].
Soriano et al. showed an efficient removal of PFHxA (over 99%) using XLE and BW30, two types of
RO membranes [102]. These results indicate that both NF and RO can be effective in treating PFAS
of a wide range of molecular weights. Franke et al. removed PFAS from drinking water using a
combination of NF with AE or GAC adsorbents [104]. In the cited studies, water with no DOC was
used, while the landfill leachates may contain significant amounts of DOC. Thus, more research is
required on the membrane filtration treatments of PFAS in landfill leachate. Although RO and NF
showed promising results in removing PFAS from contaminated water, Fuertes et al. [71] found a
two-fold increase in the concentration of PFAS in the membrane bioreactors of the effluent
treatment plants (using ultrafiltration treatment) compared to the raw leachate, indicating
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degradation of the precursor compounds, which increased the levels of some PFAS [71]. These
results indicated that not all membrane methods are suitable for treating PFAS-contaminated water.
7.1.3 Biological Treatments
Biological treatments (BIO) applied by Busch et al. [1], Yan et al. [3], and Fuertes et al. [71] were
found to be ineffective in removing PFAS from landfill leachate. Instead, the concentrations of PFCAs
and PFSAs were increased with the use of these types of treatments (Table 3). This could have
occurred due to the resistance of PFAS to biodegradation owing to their high-energy carbon-fluorine
bonds [105], and the possible biodegradation of precursor compounds (such as N-ethyl
perfluorooctane sulphonamidoethanol and fluorotelomer-based compounds, or other unidentified
components) to PFCAs and PFSAs, as observed for the biological processes in WWTPs [7, 19, 106].
Constructed wetlands (CWs) include various kinds of aerated lagoons, sedimentation tanks, reed
beds, and polishing ponds. Multiple remedial processes may be conducted simultaneously in these
systems, including biodegradation (aerobic and anaerobic), phytoremediation (plant uptake and
enhancement of biodegradation), and sorption on diverse substances [87]. During tests in a large
tropical wetland, 61% of ∑PFAS and 50%-96% of individual PFAS were removed from landfill leachate.
The most effective processes were sorption of long-chain PFAS to soils and sediments and uptake
of short-chain PFAS by plants. These processes removed about 44% of ∑PFAS during the passage of
the leachate through a reed bed. Additionally, an aeration lagoon removed 55%-73% of the PFAS
precursors through biotransformation, but it was ineffective in the removal of long-chain PFAS. This
approach may only be suitable as a pre-treatment for landfill leachate as the concentrations of
∑PFAS in the treated leachate were still high (Table 3). However, the use of young plants or species
with a high affinity for PFAS, and the substrates with high PFAS sorption capacity can potentially
improve the removal of PFAS from landfill leachates in CWs.
7.2 Techniques for the Destruction of PFAS in Landfill Leachate
7.2.1 Oxidation Processes
Chemical oxidation involves the use of oxidants, such as sodium permanganate (NaMnO4),
sodium persulfate (Na2S2O8), hydrogen peroxide (H2O2), or ozone (O3) to degrade organic pollutants
and decontaminate water. For example, H2O2 mixed with water generates hydroxyl radical (OH•),
which is an extremely strong oxidant (E = 2.33 V) that reacts with organic molecules with the
reaction rate-constants ranging between 106 and 1010 Ms–1 [107]. H2O2 is often used in conjunction
with Fe2+ as a catalyst.
The efficiency with which the chemical oxidation processes degrade PFAS strongly depends on
the pH, temperature, and initial concentration of the oxidant. Ozone does not degrade PFOA and
PFOS significantly at pH 4-5 [108], but NaMnO4 has been shown to degrade 47% of PFOS in an
aqueous solution at pH 4.2 in 18 days. Increasing the pH to about 10-11 (by adding NaOH to the
solution) decreases PFOS degradation to about 10% of the that achieved by treatment with NaMnO 4,
while the addition of 8.7 g O3/h (2.5 wt%) reduces the concentrations of PFOA and PFOS from 50
µg/L to about 5 µg/L and 7.5 µg/L, respectively, after 4 h [108, 109].
Ozonation is less efficient without pre-treatment; the results are best when O3 is added at an
acidic pH and the process is continued by adding O3 at an alkaline pH [108]. At an acidic pH, O3
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decomposes slowly via reaction with hydroxide ions (as their concentrations are low), and dissolved
O3 accumulates in the solution. When the concentration of O3 is sufficiently high in the solution (e.g.,
3.5 mg/L), making the solution alkaline, it generates large amounts of OH• that react rapidly with O3
and form abundant reactive free radicals, including potent hydroxyl radicals that can efficiently
degrade PFOA and PFAS. Accumulation of O3 at an alkaline pH (without pre-treatment) in the
solution is poor (e.g., about 0.3 mg/L at pH = 11) as the large amounts of OH• continually react with
O3, causing the concentrations of reactive free radicals to be low throughout the process [108]. The
process can be improved by increasing the dose of the oxidant and the temperature (e.g., the kinetic
rate constant of PFOS increased from 0.46 × 10–2 L/d at 25 °C to 3.64 × 10–2 L/d at 65 °C) in the tests
or when combined with other processes, such as photolysis [92]. A synergistic effect was observed
when ozone was combined with UV or with air fractionation, whereby the removal of PFAS reached
73% and 95%, respectively [108].
Heterogeneous photocatalysis is a promising solution for the removal of PFAS from
contaminated water. This technique directly uses photons (hv) from a VUV or UV to generate
negatively-charged electrons (e–) and positively-charged holes (h+), which have high oxidation
capacity [110]. The positively-charged holes react with water, yielding OH• that can effectively
degrade diverse organic compounds. The negatively-charged electrons migrate to the surface of the
photocatalyst and react with the adsorbed water to form hydrated electrons (e–aq). PFAS sorbed on
the catalyst’s surface are attacked by these hydrated electrons and degraded into shorter-chain
compounds [110].
Photocatalysis with TiO2 may degrade PFCAs (e.g., PFOA, PFNA, and PFDA), but several hours are
required for satisfactory results. For example, Panchangam et al. reported that TiO 2 irradiated with
a 16 W (254 nm) low-pressure mercury lamp could degrade 99% and mineralize 38% of PFOA and
PFDA in 7 h [111]. The treatment time could be reduced (several-fold) by adding acid to the treated
solution, for example, adding 0.225 M perchloric acid (HClO4) reduced the pH of the solution to 3
and cuts down the treatment time for PFOA from 24h to 7h (Ibid.). According to Panchangam et al.,
the presence of acid improves the ionization of PFCAs by increasing the chances of electron transfer
from PFCAs to the photoholes of excited TiO2, thereby prolonging the life of the photoholes [111].
The process can be further improved by the recovery of the acid.
Furthermore, a recent development on the photocatalytic degradation of PFOA using a TiO 2-rGO
(0.1 g L–1) composite catalyst was shown to degrade up to 93.7% of PFOA compared to the TiO 2
photocatalysis (24% ± 11%) and direct photolysis (58% ± 9%) [112]. The degradation efficiency was
related to several parameters, which included the initial PFAS concentration, photocatalyst, UV
lamp intensity, and media.
β-Ga2O3 is relatively more efficient as a photocatalyst than TiO2 for PFCA degradation owing to
the wider band-gap of the former (4.8 eV for βGa2O3 compared to 3.2 eV for TiO2) and the higher
position of its conduction band relative to the vacuum energy level (e.g., ECB values: - 2.95 eV and
- 4.21 eV, respectively) [113]. For example, Shao et al. found that PFOA was completely degraded
after 65 min of exposure to upgraded β-Ga2O3 along with VUV irradiation at 185 nm and pH 4.3
[114]. The catalytic β-Ga2O3 had a sheaf-like nanostructure consisting of plates elongated in the [1
0 0] direction, a specific surface area of 36.1 m2/g, and high densities of the nanopores (2-4 nm and
8 nm). In contrast, commercial β-Ga2O3 degraded only 38% of the PFOA in 3 h (which was still two
times higher than the rate obtained with P25 TiO2) [114]. On the other hand, boron nitride (BN) was
found to be quite an efficient catalyst, being 2 to 4 times more active than TiO 2 [115]. Duan et al.
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[115] showed that low concentrations of PFOA were detected after 240 min of photolytic
degradation using BN [115].
The removal of PFAS from landfill leachate through photocatalysis may be affected by the
presence of dissolved organic matter (DOM), bicarbonate, and chlorides. The DOM and bicarbonate
in leachates probably impair the photodegradation process by occupying the catalyst’s surface,
thereby reducing its adsorption capacity for PFAS [110]. Thus, applying photocatalysis as the final
step may be an effective strategy in leachate treatment (when most of the DOM has been removed
in the previous steps). Another option may be to add O3 gas to promote the removal of long-chain
PFAS (e.g., PFOA), i.e., by increasing the rate at, which photo-produced H+ reacts with PFOA, rather
than recombining with photo-produced e– [112]. Additionally, the pH of the leachate should
probably be adjusted to about 4 to promote high adsorption of PFAS and enhance the performance
of e– and H+ pairs [110]. Moreover, future research should include the evaluation of the efficiency
of photocatalysis in treating short-chain PFAS in landfill leachates.
In electrochemical treatment (ET), “non-active” anodes composed of materials such as Ti/RuO2,
SnO2, PbO2, and boron-doped diamond (BDD) are used for degrading and mineralizing nonbiodegradable organic compounds, such as PFOA, PFBA, PFHxA, PFDA, PFBS, PFHxS, and PFOS [116118].
The electrochemical technique is reported to efficiently remove PFAS from wastewater and
groundwater, but the required treatment time might be quite long. For example, Gomez-Ruiz et al.
reported that ET treatment with a BDD electrode removed 99.7% of diverse PFAS from wastewater
[119], with their total concentration dropped from 1,652 µg/L to 4.2 µg/L during 10 h of treatment
at a current density of 50 mA/cm2 and a voltage between 13.9 and 15.3 V. Similarly, Zhuo et al.
found that a current density of 0.59 mA/cm2 and an oxidation potential greater than 2.76 V were
adequate for removing about 97.5% of PFOA from spiked water (at the concentrations of 20, 30,
and 50 mg/L) after 2 h of electrolysis [120]. Besides the electrochemical parameters (such as current
density and voltage), the success of ET depends on the pH and the initial concentrations of PFAS.
The degradation rate of PFOA is higher at an acidic pH than at an alkaline pH. At alkaline pH, OH –
migrates to the anode surface due to electrostatic attraction, which limits the sites available for
degraded CF3(CF2)6COO– anion [120]. The removal ratio was shown to increase with an increase in
the initial PFOA concentration. Thus, ET may be an effective treatment for water with high levels of
PFAS contamination at an acidic pH.
Regarding the treatment of landfill leachate, Witt et al. recently demonstrated that 98% of PFOA
was removed electrochemically under a flow through a BDD cell in a 20 L pilot water treatment
system [121]. However, this technology is not fully developed for commercial applications, partly
due to high energy demands, which increases the costs of operation. For example, 99.7% removal
of PFAS from contaminated water would require approximately 256 kWh/m 3 (corresponding to
about 14 euro/m3) [119]. Thus, large-scale implementation of ET would require pre-treatment of
the PFAS-contaminated water (e.g., using membrane separation) and the prevention of its mixing
with diluting water streams (to reduce the volumes requiring treatment).
7.2.2 Thermal Treatment
The thermal treatment methods for water include sonochemistry, sub-critical and supercritical
water treatment, microwave-hydrothermal treatment, and wet air oxidation (WAO).
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Sonochemical treatment refers to the use of ultrasonic waves at the frequencies of 20-1000 kHz
to form cavitation bubbles in water, and hence, high vapor temperatures (near 4,000-5,000 K) in
the vapor core. Thus, PFAS may be pyrolytically decomposed at bubble–water interfaces [122].
Decomposition of PFOA and PFOS results in the production of mineralized fluoride (F –), sulfate
(SO42–), CO, and CO2 [123]. Campbell and Hoffmann showed that the treatment’s efficiency relied
on the frequency of the ultrasonic radiation and the power density [124]. The measured rate
constants of PFOS, PFOA, PFHxA, PFHxS, and PFBS showed that degradation increased linearly with
the increase in power density (e.g., the rate constant for PFOS increased from 0.01 L/min at 100
W/L to 0.045 L/min at 330 W/L at the same frequency of 358 kHz). Similarly, the rate of PFAS
degradation was shown to increase with an increase in the frequency (e.g., the rate constant for
PFOS increased from 0.045 L/min at 358 kHz to 0.06 L/min at 610 kHz at the same power density of
330 W/L). Moreover, the degradation rates of PFOA and PFOS were enhanced by 12% and 23%,
respectively, through the application of a dual-frequency (20 and 202 kHz). The increase in
degradation with the application of dual-frequency may be attributed to a better overlap of acoustic
waves (which enhances bubble expansion and shortens collapse time), thereby strengthening the
cavitation effects and the induction of sonochemical reactions [125]. The treatment cost can be
reduced by combining sonification with oxidation, for example, by using persulfate (S2O82–) oxidant
to generate sulfate radicals (SO4•–), which increases the efficiency of the process [126-128].
Nevertheless, the higher cost of the sonochemical treatment process compared to other destructive
methods may limit its application in the treatment of PFAS [129].
According to Hori et al., pure subcritical water treatment cannot degrade PFOS, but it can
degrade PFOS efficiently when used in combination with the addition of zero-valent metals (e.g., Al,
Cu, Zn, Fe) to the reaction system [125]. Zero-valent iron, Fe (0), provided the best synergistic results
for the degradation of PFOS, followed by Zn, Cu, and Al (in decreasing ability of degradation), in the
tests performed by the researchers. For example, adding Fe(0) powder (>99.9%, <53 µm at 4.8-19
mmol concentrations) to subcritical water treatment mixtures reduced the concentrations of PFOS
from 93-372 µM to <2.2 µM (at 350 °C, 22 MPa after 6 h), with the formation of F– ions, 46%-51%
and no PFCA formation (Ibid.). Additionally, shorter C-F chains, such as PFHxS, could be degraded
from the initial concentrations of 741 µM to 97 µM using subcritical water treatment combined with
the addition of 19.3 mmol Fe [130]. This process can be described as the adsorption of PFAS to the
Fe surface and the decomposition of PFAS with rising temperature along with the release of F – ions
in the solution phase above 250 °C [125]. Thus, zero-valent Fe powder with a large specific surface
area should be used in subcritical water treatment to improve the decomposition of PFAS.
Supercritical water treatment is more efficient than subcritical water treatment. For example, in
other tests reported by Hori et al., these treatments resulted in the decomposition of 94.8% and 84%
of PFHxA, respectively, using the same concentration of Fe (9.6 mmol) [130]. However, supercritical
water treatment caused an 8-fold increase in fluoroform (CF3H) creation compared to subcritical
water treatment. Thus, supercritical water treatment of PFAS may be problematic from an
environmental perspective as CF3H is a greenhouse gas with high diffusivity, low viscosity, and an
atmospheric lifetime of approximately 270 years [131]. Moreover, both subcritical and supercritical
water treatments may encounter operational problems, such as severe reactor corrosion (caused
by acids formed during the treatment, such as H2SO4) or serious plugging of the reactor caused by
the salts precipitating at high temperatures and low densities. This technique is not suitable for
treating PFAS in landfill leachate due to operational problems and extremely high costs [132].
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Lee et al. found that microwave (MW) irradiation at 140 W and 130 °C for 8 h degraded only 3%
of PFOA (with an initial concentration of 241 µM in the solution) [133]. In combination with 5 mM
S2O82–, the method degraded 35% and 68% of PFOA at 60 °C and 90 °C, respectively, after 4 h. The
process can be further improved by adding more S2O82–. For example, in the study, the
decomposition rate constant increased from 0.74 to 0.88 L/h at 90 °C when the concentration of
S2O82– increased from 5 to 10 mM at acidic pH (e.g., 2.5) [133, 134]. The degradation rate of PFOA
can be further increased by adding zero-valent iron; for example, Lee et al. recorded 58%
degradation of PFOA in the presence of 3.6 mM Fe(0) and 5 mM S 2O82– after 1 h of MW irradiation
at 90 °C [133]. Aerobic and anaerobic corrosion of Fe(0) generate Fe2+, which accelerates the
decomposition of S2O82– by acting as a transitional metal activator [135]. It is important to determine
the optimum concentration of Fe(0) as surplus Fe(0) may release large quantities of Fe 2+ ions that
consume SO4•–, thereby reducing the decomposition efficiency of PFAS [133, 136]. Moreover,
chloride ions may reduce the decomposition of PFAS as they react with free sulfate radicals that
limit the oxidation efficiency [134]. Thus, degradation of PFAS by using MW irradiation in
combination with oxidants may be an option for treating contaminated leachate with low buffer
capacity (since pH should be adjusted to acidic values) and low concentrations of Cl –.
Busch et al. [1] and Silva et al. [137] reported that PFAS treatment using wet air oxidation (WAO)
was ineffective in removing PFAS from landfill leachate, most likely due to a short treatment time
[1, 137] (Table 3). High concentrations of PFAS in leachates have been observed after treatment
with WAO (Table 3), which can be explained by the degradation of fluorotelomer precursors to
PFCAs [138].
8. Conclusions
The Registration, Evaluation, Authorization, and Restriction of Chemicals (REACH) should focus
not only on long-chain but also on short-chain PFAS (such as PFBA and PFBS) because of their
persistence, high mobility in water and soil, and difficulty in remediation and water purification. The
use of PFAS in products should also be better regulated to reduce their release into the environment.
Directives on the definition and classification of waste should be more specific about the
concentrations of PFAS in wastes, such as contaminated soil. The Landfill Directive should include
the maximal concentrations of soluble PFASs in waste that can be disposed of in landfills. The
introduction of legal limits for soluble/mobile PFAS in contaminated soil would reduce the amount
of PFAS in landfill leachate. Additional requirements to treat the soil before landfilling and
improvements in the treatment techniques would further reduce the release of PFAS into the
surrounding environment.
“Digging and dumping” continues to be the most widely used remediation technique at the sites
contaminated with PFAS as the current in-situ and on-site remediation techniques are not reliable.
Excavated soil may contain high amounts of PFAS and may comprise one of the major waste streams
at landfills in the future. These soils have the potential to contaminate landfill leachate with PFAS,
which places new demands on the leachate treatment systems at landfills. PFAS-contaminated soil,
therefore, requires treatment before landfilling to reduce its potential to contaminate landfill
leachate. The stabilization of PFAS-contaminated soil with AC, compost, Fe-oxides, or clay minerals
may be an option to reduce the leaching of PFAS from landfilled soil. The potential to treat PFAScontaminated soil with another waste (e.g., carbon-rich waste) should be studied as this may reduce
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treatment costs, thereby enhancing sustainability. More research on the longevity of stabilized
contaminants in the soil at landfills is also needed.
The installation of a cover (or encapsulation) decreases the volume of leachate in contact with
the PFAS-contaminated soil in a landfill. PFAS-contaminated soil should not be disposed of in a
landfill together with alkaline materials to avoid increasing the mobility of PFAS. Waste in a landfill
may act as a filter for leached PFAS. Furthermore, co-contaminants, including minerals and natural
organic matter, can significantly affect the remediation. Thus, the transport of PFAS through landfills
should be studied in more detail.
Biological methods are not suitable for the treatment of PFAS in landfill leachate as they are
inadequate in the reduction of PFAS concentrations. Membrane-based treatments, in combination
with sorption on AC, might be viable for treating PFAS in landfill leachate. Advanced oxidation and
thermal treatments also show promising results for degrading PFAS. Any treatment process selected
should be optimized for, inter alia, leachate flow, treatment time, and concentrations of PFAS in
untreated leachate, as well as, the desired levels of PFAS in the treated leachate. Foam fractionation
is another technique that is not well-documented in the scientific literature. Additional research is
needed to study the transformation of PFAS from contaminated water to foam, the efficiency of the
process, and the treatment costs.
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